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Abstract 
For centuries, coastal zones have been used as disposal sites for industrial and municipal wastes, often 
without adequate records of their composition, raising long-term concerns regarding the potential 
release of contaminants. The absence of detailed mineralogical and geochemical data has limited the 
ability to evaluate the mobility of metal(loid)s and to design effective protection strategies. In this 
study, 83 samples of legacy wastes were collected from coastal sites in England, Wales, and Scotland 
to investigate the influence of mineralogy on the release of potentially toxic elements (PTEs). Samples 
were collected from 18 priority sites, selected to be representative of the major legacy waste types 
found along the UK coastline. Non-ferrous slags displayed variability in mineralogy and PTE 
concentrations, including As, Cd, Cr, Cu, Ni, Pb, Sb, V, and Zn. These elements were predominantly 
hosted in stable silicates (e.g., sorosilicates, olivine) and oxides (e.g., cassiterite, spinel), with minor 
associations in sulfides, sulfates, and carbonates. Coal and metal mining wastes contained PTEs in 
redox-sensitive sulfides and secondary phases such as sulfates and iron oxides, representing the 
highest potential for contaminant release under seawater inundation and erosion. Bauxite waste 
exhibited the greatest median concentrations of Cr and V, whereas municipal solid wastes were 
enriched in Pb and Ni compared to ferrous slags and colliery wastes, with Ni median concentrations 
being the highest among all waste types. These insights emphasise the importance of mineralogical 
characterisation in assessing risks and managing coastal legacy wastes under climate change 
scenarios. 
 
Keywords:  
waste management, landfill, contamination, climate change, flooding. 
 
Environmental Implications 

Coastal legacy wastes are enriched in potentially toxic elements (PTEs), with unique mineral 

associations that control their stability and release. Mineralogical characterisation is therefore 

essential to predict contaminant pathways under environmentally relevant conditions. Our study 

suggests that seawater inundation, coastal erosion, and redox shifts can destabilise PTE-bearing 

minerals, enhancing PTE mobility. Coal and mining wastes present the greatest risks due to their 
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abundance of soluble and redox-sensitive secondary minerals. These findings provide a strong 

scientific basis for improved monitoring, risk assessment, and remediation strategies, supporting 

protection of coastal ecosystems and human health under climate change pressures. 

 
Graphical abstract  
 

 
 
 

1. Introduction 
 

Coastal zones have consistently attracted human activities, infrastructure developments, and 
economic endeavours, resulting in large-scale disposal of various solid wastes (Cooper et al., 2013). 
Particularly before the mid-1970s, in the absence of legislation and proper environmental disposal 
practices, dispersal of landfill contaminants relied mainly on natural dilution and dispersion through 
tidal flushing, as well as a range of geochemical processes including adsorption, desorption, ion 
exchange, and colloid transport in surrounding soils and sediments (Shukla and Rai, 2009; O’Shea et 
al., 2018; Irfan et al., 2019). Coastal areas face elevated future risks of tidal flooding, saline intrusion, 
and erosion, all of which can enhance waste dispersion and contaminant release (Neuhold and 
Nachtnebel, 2011; Brand et al., 2018).  

The need for a synergistic approach to quantify the contaminants held in legacy wastes and associated 
risks at national and global scales was highlighted in the early 21st Century (Kim et al., 2020; Ouyang 
et al., 2024). Limitations in scientific and economical resources require a framework for site 
prioritisation based on multicriteria analysis. Understanding which criteria best describe and quantify 
contamination risks requires knowledge of sources, and dispersion processes and pathways, and 
potential exposure of economic, social, and ecological elements (Lee et al., 2019; Riley et al., 2022). 

Jo
ur

na
l P

re
-p

ro
of



3 
 

Riley et al. (2022) showed that out of approximately 30,280 historical landfills reported in England and 
Wales, about 3,220 were situated within 2 km of the coastline, herein named the coastal zone. Of 
these, approximately 700 sites lacked coastal defences or flood mitigation measures, and about 2,550, 
though receiving some degree of protection, exhibited signs of erosion and potential contaminant 
transfer (Riley et al., 2022; Riley et al., 2024).  

Legacy wastes contain various types of inorganic and organic hazardous materials, including polycyclic 
aromatic hydrocarbons (PAHs), persistent organic pollutants (POPs), plastics, asbestos, and potentially 
toxic elements (PTEs) (Saxena et al., 2025; Mantovani et al., 2023; Brand et al., 2019). The latter are a 
common problem among legacy wastes, are found in wide concentration ranges and may show 
variable mobility in coastal environments (Du Laing et al., 2009; de Souza Machado et al., 2016; Brand 
et al., 2018; Leyden et al., 2022; Burke et al., 2025). PTEs can be found in metallic or ionic form, with 
elements such as As, Cr, Sb, and V also existing in various valence states. Their mobility depends on 
the mineral stability, redox, pH, EC, and biological activity (Nordstrom et al., 2011; Du Laing et al., 
2009). When above threshold limits, PTE concentrations can pose serious risks to human health and 
the environment. For example, As and Sb toxicity can lead to serious neurologic and carcinogenic 
effects (Chung et al., 2014; Patel et al., 2023), and Cd, Cr(VI) and Pb are known carcinogens and are 
toxic to plants, animals, and bacteria (Costa et al., 2006; Kimbrough et al., 2010; Cheng et al., 2014). 
Vanadium also exhibits toxicity, though it is dose-dependent and is not classified as a human 
carcinogen (Wnuk, 2023). Copper and Zn are fundamental micronutrients, although anthropogenic 
sources can exhibit phytotoxic effects and enter the food chain through root accumulation (e.g., Bolan 
et al., 2014; Chandrangsu et al., 2017). Nickel toxicity poses various health risks to humans, including 
allergies, cardiovascular and renal diseases, lung fibrosis, and cancers (Genchi et al., 2020). Sea- and 
transitional-water environments add additional complexity to PTEs metal mobility and bioavailability 
limiting the understanding of PTE adverse effects on organisms (de Souza Machado et al., 2016).  
 
In coastal environments, legacy waste dispersion pathways can be driven by physical processes such 
as erosion and transport in the seawater column, transitional or seawater intrusion (Neubauer et al., 
2013; Kulp and Strauss, 2019), and desorption, complexation, cation exchange, and dissolution 
reactions (Du Laing et al., 2009; de Souza Machado et al., 2016; Leyden et al., 2022). Abundant 
seawater ions such as Na, K, Mg and Ca can participate in cation exchange with weakly bound PTEs 
(e.g. Ni, Cu, Cu, Cd, Zn and As) (Marchuk and Rengasamy, 2011; Miranda et al., 2022). Seawater Cl can 
form complexes with Cd, Zn, and Pb, increasing their mobility (Acosta et al., 2011). Furthermore, 
prolonged seawater intrusion can generate reducing conditions due to oxygen consumption 
exacerbated by microorganisms (Moore and Joye, 2021). Such conditions can promote microbially-
mediated reduction of Fe and Mn hydroxides and sulfates and cause release of their sorbed or co-
precipitated PTEs (Du Laing et al., 2009).  Metal-rich sulfides and other reduced minerals, when 
oxidised, can become unstable and release PTE (Brand et al., 2020). Although dilution with seawater 
can play a fundamental role in decreasing PTE concentrations, bioaccumulation and biomagnification 
through bottom sediment ecosystems and food chain remain a risk for systems exposed to these 
elements (de Souza Machado et al., 2016).  

Remediation and monitoring prioritisation frameworks based on national-scale source-pathway-
receptor conceptual models are fundamental to offering a response to legacy wastes contamination 
hazards (Copper et al., 2013; Riley et al., 2022). However, mineralogical and geochemical 
characterisations are scarce, limiting the understanding of contaminant occurrence and behaviour in 
legacy wastes and remediation prioritisation. Legacy wastes posing potential contamination risks to 
human and ecosystem receptors include municipal solid wastes (often mixtures of industrial, 
commercial, and household), mining wastes (metal and coal), slags (ferrous, steel, and non-ferrous), 
and bauxite residues (Table S.1). PTE geochemistry and potential release mechanisms in such legacy 
wastes have been, and still are researched, but a systematic mineralogical and geochemical 
comparison among and within the different types is still missing.  
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This research aimed to provide a comprehensive mineralogical and geochemical characterisation of 
legacy wastes and the risk they may pose to the coastal environment. Given the extensive industrial 
history and variety of wastes disposed of in the coastal zone that pre-date environmental regulation, 
this research focuses on the UK coastline and provides a valuable baseline to consider the 
environmental risks of similar coastal wastes on a global basis (Nicholls et al., 2021). The specific 
objectives were to: i) characterise the bulk mineralogy and geochemistry of the legacy wastes; ii) 
quantify PTEs (namely As, Cr, Cu, Cd, Ni, Pb, Sb, V, and Zn) and identify their host minerals; iii) 
understand the potential environmental risks posed by legacy wastes; iv) generate a comprehensive 
mineralogical and geochemical database that can feed into national scale remediation and monitoring 
programs. This comparative analysis can inform environmental regulators and practitioners and 
benefit the international community affected by the global challenge of coastal legacy wastes. 
  
2. Materials and Methods 

2.1 Study sites, sample collection and preservation  

Along the UK coastline, legacy wastes sample sites were identified from national-scale databases (Riley 

et al., 2022). Selection of priority sites for this study followed a multi-criteria decision analysis based 

on 1) coastal erosion susceptibility, 2) risk of tidal inundation, 3) receptor distance, and 4) distance 

from the coast. This approach, detailed in Riley et al. (2022), was designed to identify sites that are 

representative of the major legacy wastes challenges facing the UK coastline. Legacy wastes were 

grouped into waste types based on records of their sources, locations, and potential hazards reported 

in literature or highlighted by local authorities and environmental consultants. The legacy waste types 

selected were non-ferrous slags (Me-SS), ferrous (steel and iron) slags (Fe-SS), municipal landfill 

(municipal/commercial/industrial) (MSW), bauxite residues (BR), coal waste (CW), and metal mine 

waste (MW) (Table S.1). Across the various waste types, 18 priority sites were selected, and a total of 

83 solid samples were collected (Figure 1). To maximise the representativeness of the sampling, each 

sample was collected as a composite of five increments from around a 10 m2 area (Onnis et al., 2022). 

Sediment particles >2 cm in diameter and vegetation residues were removed, and about 500 g of 

material was collected in pre-cleaned, single-use polyethylene bags to minimize the risk of 

contamination. The samples were air-dried at 30 ᐤC and rifled into aliquots. For geochemical and 

powder diffraction analysis, an aliquot of 50 g was mechanically ground to less than 125 µm with a 

tungsten carbide mill. Although such a mill could introduce trace W or Co, these elements were not 

analytes of interest in this study. 

 Jo
ur

na
l P

re
-p

ro
of



5 
 

 
Figure 1. Site locations and sample list. 

 

2.2 Mineralogical analysis 

The mineralogical compositions of the samples were determined by X-ray diffraction (XRD) using a 
Siemens D500 diffractometer with an X-Ray tube at 1.5 kW and Cu-anode. Diffractograms were 
acquired for the ground samples (<125 µm) in the 2–70° 2θ range, at 1-second per step and with a 
step size 0.02°2θ. The resultant spectra were interpreted with Bruker software EVA v.18.0.0.0. and 
the JCPDS PDF-2 (2004) database. The spectra position was verified against a quartz standard (ICDD 
PDF-2 card 46-1045).  

Mineral morphology, association and quantification were determined for 30 samples with 
representative PTE concentrations. For these samples, 30 mm diameter epoxy resin blocks were 
prepared using approximately 1 g of material of < 2 mm diameter. The blocks were coated with a 25 
nm layer of carbon and analysed with a QEMSCAN® 4300 automated scanning electron microscope. 
This instrument was operated at 25 kV and 5 nA beam using a tungsten filament under high vacuum 
and an X-ray count rate of 1000 counts (10 ms on average) from four EDS Bruker SDD detectors 
(Rollinson et al., 2011). The Fieldscan measurement mode was applied with a 10 µm X-ray pixel spacing 
resolution. The QEMSCAN output included false colour images that enhanced a visual inspection of 
the phase distributions. The percentage of the polished area covered by particular minerals was 
considered to be the abundance of that mineral in the given sample. Limitations due to the analysis 
being confined to a 2D block surface, and the resolution step which resulted in mixed spectra for 
phases smaller than 10 µm, were considered in the data analysis. Phases observed via QEMSCAN were 
assigned to minerals based on their chemical composition and XRD data. Limits of the detections were 
1 vol. %.  

Scanning Electron Microscope (SEM) investigations focused on PTE-bearing minerals. A TESCAN Vega 
3 SEM (high vacuum mode, accelerating voltage of 20.0 kV incorporating an X-Ray Energy Dispersive 
Spectrometer (EDS) with an Oxford EDS system (XMax 80 mm EDS) and Aztec software (version 3.3 
SP1) was used for chemical spot analysis and chemical mapping. Samples were coated to 25 nm with 
a carbon thin film using an Agar Automatic carbon coater. 
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2.3 Geochemical analysis  

Elemental compositions of the ground samples were acquired through a portable Olympus Delta X-
Ray Fluorescence (pXRF) analyser and total acid digestion and ICP analysis. The elements analysed 
were Al, Ca, Fe, K, Mg, and Na (major elements), and As, Cd, Cr, Cu, Ni, Pb, Sb, V, and Zn (potentially 
toxic elements, PTE). These PTEs were selected due to their known ecotoxicities, and probable 
occurrence in the investigated waste types (Brand et al., 2019; Piatak et al., 2015; Ciesielezuk et al., 
2014; Hudson-Edwards et al, 2011). PTEs such as Hg, U, and Th which may be present in specific wastes 
were not analysed in this study. pXRF analysis allowed for an initial screening of elemental 
composition and selection of representative samples for total acid digestion and detailed 
mineralogical investigations. The pXRF was calibrated at the beginning, middle and end of every 
session with a silver standard (315 Olympus), and data quality was evaluated by running samples in 
triplicate to determine precision, and silica blank and certified reference materials (CRMs) for 
accuracy. The CRMs used were RTS-3a (sulfide ore mill tailings certified by the Mining and Mineral 
Sciences Laboratories, CANMET, Canada), SRM 2710 (Montana I Soil certified by National Institute of 
Standards and Technology, USA) and 73305 China National Analysis Centre for Iron and Steel approved 
material. To account for matrix effects, accuracy was validated using the abovementioned CRMs with 
have different matrices. The analysis program on the pXRF was used to match the sample as close as 
possible (e.g. soil program for soils). 
The total elemental composition was measured by Inductively Coupled Plasma Mass Spectrometry 
(ICP-MS, Agilent 7700) following acid digestion. 100 mg of each sample was digested progressively 
with: i) 4 ml HF (50% trace metal grade), 3 ml HCl (trace metal grade) and 1 ml HNO3 at 160 ˚C for 8 
hours; ii) 1 ml HClO4 at 180 ˚C till dry; iii) 1 ml of HNO3 and 5 ml deionised water at 100 ˚C for 30 
minutes. Finally, 44 mL of deionised water was added and a 1:10 dilution (5% HNO3) was applied to 
analyse the samples on the ICP-MS. Blanks and CRMs were run with the batch of samples, and 10 % 
of the samples were processed in duplicate to check analysis precision. Across the waste type and 
sites, 25 representative samples were selected for carbon and sulfur analysis with the LECO SC-144DR 
analyser at Wheal Jane Services Ltd. Samples were pulverised (<45 µm) for total S, SO4

- and S-, total, 
inorganic and organic C. Data elaboration was performed with Excel 2016 and Origin Lab 2022.  

The elemental concentrations did not conform to a normal distribution, so significant differences in 
elemental concentrations (by site and between waste types) were tested via non-parametric Kruskal-
Wallis ANOVA and the post-hoc Dunn’s paired comparison test (with Bonferroni correction) using 
Origin Lab 2022, with a significance threshold of p<0.05. Values were compared to environmental 
quality guidelines reported by the Canadian soil guidelines for the protection of the environment and 
human health (CCME, 2011) adopted by the Environment Agency (2008) due to the lack of national 
British standards. The CCME guidelines were selected as they provide a comprehensive and 
internationally recognised framework for sediment quality assessment, and they have been previously 
adopted for similar assessments in the UK (Environment Agency, 2008). 
Contaminant concentrations equal or greater than a predicted effect level (PEL) may cause adverse 
conditions to the ecosystem health. PEL values were not available for Sb and V and so the threshold 
limit concentrations for agricultural land (Agric) were used for these elements (CCME, 2007). Major 
elements and PTE concentrations were further compared to i) literature data; ii) upper continental 
crust concentrations (Wedepohl, 1995); iii) UK topsoil background concentrations reported by the 
British Geological Survey in the work by Ander et al. (2013). 

 
3. Results  
 
3.1 Mineralogy  
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Colliery wastes (CW) were dominated by silicate minerals such as quartz, feldspars (albite, orthoclase, 
and other K-feldspars), and phyllosilicate minerals (illite and/or muscovite, kaolinite, and chlorite) 
(Table 1; Figure 2). Generally, sulfide (pyrite, sphalerite, and chalcopyrite) abundances ranged 
between 1 and 8 vol%, and sulfate minerals (gypsum, barite and jarosite) ranged between <1 and 7 
vol% (Table 2). Samples from Lynemouth had lower silicate contents and high amounts of pyrite (41 
vol%) and clay-pyrite mixed phases (8-20 vol%). The high pyrite content was quantified by QEMSCAN® 
and its morphology was confirmed by SEM-EDS analysis. Iron oxides (5 vol%, magnetite and hematite) 
were found in samples containing mullite, a high-temperature nesosilicate. Iron oxides, sulfides, and 
sulfates contained PTE such as As, Zn, Cu, and Pb (Table 2). Carbonates such as calcite and ankerite 
were present in low amounts (<1 vol%).  

Mining waste (MW) was generally composed of quartz, feldspars (orthoclase and albite), and clay 
minerals (illite and/or muscovite, kaolinite, and chlorite) (Table 1; Figure 2). Silicate phases ranged 
around 90-95 vol% for the Restronguet Creek and 46-90 vol% for the Hayle Estuary samples. Other 
minerals were sulfides (pyrite, sphalerite, and chalcopyrite), sulfates (jarosite and gypsum), and halite. 
Arsenic-bearing arsenopyrite, scorodite, and bukovskyite were present in both locations (<1 vol%) 
(Table 2).  
 
Municipal solid waste (MSW) samples had bulk mineralogical compositions similar to those of CW, 
and were dominated by silicate minerals (quartz, feldspar, clay, and mica minerals) (Table 1; Figure 2). 
Samples from Hessle Tip were rich in Ca-feldspar (anorthite). Carbonates were ubiquitous and 
represented by calcite, dolomite, and ankerite. Iron oxides, such as hematite and goethite, were 
present especially in samples from Withernsea Landfill and accounted for up to 23 vol% of the 
samples. These samples also had 1 vol% of Fe-oxides mixed with metal (Cu and Zn) and sulfate phases 
(Table 2). Aluminium- and Ti-oxides were present in all the samples (<2 vol%).  
 
Bauxite residues (BR) were composed of silicates (88 vol%), calcite (2 vol%), and various metal oxides 
(Table 1; Figure 2). The latter included Fe oxides (hematite and goethite, 3 vol%); Ti oxides (rutile and 
perovskite, <1 vol%), and Al oxides (boehmite, calcium-aluminium oxides, 6 vol%), as well as other 
oxide phases enriched in Fe and Ti (Table 2).  
 
Iron and steel smelting slags (Fe-SS) were composed of silicate minerals such as quartz, feldspars 
(orthoclase and albite), and high-temperature silicates rich in Fe and Ca (gehlenite, ferro-åkermanite, 
monticellite, and hedenbergite) (Table 2; Figure 2). Other silicates included phyllosilicate minerals 
(illite, muscovite, kaolinite) and biotite. The mineral distribution showed high variability among 
samples (Table 1). Carbonate minerals, especially calcite, were ubiquitous among the sites. Different 
oxides were present, namely Fe-oxides (hematite, magnetite, and franklinite), Ti-oxide (rutile), and 
Ca-oxide (lime) (Table 2). Other accessory minerals were sulfides (chalcopyrite and manganese 
sulfide), sulfate (jarosite), and salts (halite and fluorite). Occasionally, samples showed high sulfate 
and sulfide minerals reaching 10 vol%.  
 
Non-ferrous smelting slags (Me-SS) showed high mineral variability within and among sites (Table 1; 
Figure 2). Generally, they had similar silicate minerals but lower Ca concentrations compared to 
ferrous slag. High temperature silicate minerals were the olivine-group minerals (fayalite, forsterite), 
mullite, and sodalite (Table 2). A range of different metal oxides and hydroxides was present. This 
included Fe (hematite, goethite, magnetite, and wustite), Fe and Mg (magnesioferrite), Fe and Mn 
(jacobsite), Mg (brucite), Mg and Al (spinel), Cu (paramelaconite), and Sn oxides (cassiterite) (Table 2). 
Carbonate minerals were mostly calcite and cerussite. Sulfide minerals comprised 4 vol% of the 
samples and included pyrite, trolite, and sphalerite, whereas sulfate minerals (<1 vol%) were 
represented by jarosite. Other accessory minerals were halite and fluorite. Non-crystalline phases 
such as glass and metal droplets (Pb, Zn-Cu) were observed. Capper Pass samples comprised mainly 
chromium spinel (69 vol%), with silicates and Fe phases accounting for less than 10 and 1 vol%, 
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respectively. Tin phases (14 vol%), Cu phases (9 vol%), and Pb-bearing phases (1 vol%) were also 
present. In some samples, cassiterite accounted for 94 vol% of the sample, and were accompanied by 
Pb, Cu, and Fe mixed Sn-oxide phases (Table 2). Very high percentages (e.g., cassiterite accounting for 
94 vol% in one sample) represented single-sample anomalies and illustrate the extreme heterogeneity 
within certain Me-SS waste deposits. Arsenic-bearing phases (1 vol%) were arsenopyrite, Fe-, and Sn-
oxide phases, and accessory silicate minerals (<1 vol%) were present. Copper, Pb, and Ni were present 
in Fe-oxides and sulfate phases (Table 2).   
 
 
 

Table 1. Mineral distribution among waste types based on QEMSCAN analysis. Me-oxides* include 
metal droplets and metal oxides. See Table 2 for a complete mineral list. sdv, standard deviation; min: 
minimum; max: maximum. Limit of detection is 1 vol%. 
  mean sdv min max mean sdv min max Mean sdv min max 

 Mineral group (vol%) Fe-SS (n = 4)     Me-SS (n =4)     CW (n = 10)     

 Quartz 7 3 3 11 3 5 <1 11 17 17 2 54 

 Feldspar 15 14 1 38 1 1 <1 3 18 15 2 55 

Other silicates 22 22 <1 54 22 32 <1 77 1 1 <1 4 

 Phyllosilicates 24 20 3 45 2 3 <1 6 46 21 4 72 

 Carbonate 9 8 <1 18 1 2 <1 5 <1 2 <1 5 

 Fe-oxides 18 18 1 46 13 21 <1 50 2 2 <1 5 

 Me-oxides* < 1 <1 <1 <1 55 40 14 99 <1 <1 <1 <1 

 Sulfates 2 1 1 4 <1 <1 <1 1 3 3 <1 7 

 Sulfides 3 4 <1 10 4 4 <1 9 13 16 1 49 

 Others <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 

 TOT 100    100    100    

 

 MSW (n=5)   MW (n=6)   BR (n=1) 
  

 Quartz 30 10 15 45 31 12 17 47 <1 n.a. n.a n.a. 

 Feldspar 13 2 10 15 6 3 2 11 <1 n.a. n.a n.a. 

 Other silicates 11 2 9 14 8 4 3 14 88 n.a. n.a n.a. 

 Phyllosilicates 26 8 18 40 37 25 5 67 <1 n.a. n.a n.a. 

 Carbonate 5 2 2 8 13 19 <1 53 <1 n.a. n.a n.a. 

 Fe-oxides 10 8 1 23 3 3 <1 9 3 n.a. n.a n.a. 

 Me-oxides 1.0 1 <1 2 <1 <1 <1 1 7 n.a. n.a n.a. 

 Sulfates 3 3 <1 7 <1 <1 <1 1 <1    

 Sulfides <1 <1 <1 1 <1 1 <1 2 <1    

 Others <1 <1 <1 1 0.5 <1 <1 1 <1 n.a. n.a n.a. 

 TOT 100    100    100    
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Table 2. Mineral distribution in the various waste types. The number refers to the number of samples 
having the mineral characterised with XRD. Key legend: (*) minerals observed through QEMSCAN and 
SEM-EDS; (?) mineral only observed with SEM and EDS; (1) metal(loid) droplets or mixed with S or O; 
(2) As was found associated with Fe – S – O phases, and Fe - S mixed with clay minerals; (3) metal(loid) 
droplets or mixed with S or O; (4) SEM analysis highlighted the presence of Cu, Cr, and Ni in O - Mg - 
Si - Fe phases; (5) SEM analysis highlighted the presence of Sn, S, and O bearing Cu, Cr, Pb. QEMSCAN 
reports Ni with Sn O; (6) SEM images show O:Fe:Zn phases with atomic weight ratio 5:2:1, respectively. 
Pink, silicates and phyllosilicates; blue, carbonates; light grey, iron oxides; grey, Me-oxides; yellow, 
sulfides; pale yellow, sulfates; white, other minerals. 

Mineral   General Formula CW MW MSW Fe-SS Me-SS 
B
R 

  

Silicate                             

 Quartz SiO2 
1
5 

 6  
1
4 

 
1
5 

 6  3   

Feldspar Orthoclase K2AlSi3O8 
1
4 

 3  
1
0 

 
1
3 

 5      

 Albite  Na2AlSi3O8 
1
5 

 3  9  8  4      

 Anorthite  CaAl2Si2O8 *     3            
 Microcline K(AlSi3O8) 1                  
 Sanidine K2AlSi3O8 1                  

Olivine Fayalite Fe2SiO4             1 

(4) 
Cu
, 
Ni, 
Cr, 
Pb 

    

 Forsterite Mg₂SiO₄             1 

(4) 
Cu
, 
Ni, 
Cr, 
Pb 

    

 Monticellite  CaMgSiO4          3         
Pyroxene Hedenbergite CaFe(Si2O6)          1         
 Diopside CaMg(Si2O6)    *  *            
Garnet Pyrope Mg₃Al₂Si₃O₁₂                1   

Sorosilicate 
Ferro 
Åkermanite 

Ca2Fe2+Si2O7          4  3 Zn      

 Gehlenite Ca2Al(SiAl)O7          5         

 Epidoto 
 Ca2Al3Fe(SiO4)(Si2O7)O(O
H). 

               *   

Nesolicate Mullite  Al6Si2O13 3           1      

Cyclosilicate 
Schorl 
(Tourmaline) 

NaFe2+
3Al6(BO3)3Si6O18(OH

)4 
   2  *            

Tectosilicate Sodalite Na8(Al6Si6O24)Br2             1      
Phyllosilicat
e 

                            

 Kaolinite  Al2(Si2O5)(OH)4 
1
4 

(2
) 
As 

5  
1
0 

 3  2      

 
Illite/muscovit
e  

KAl2(AlSi3O10)(OH)2 
1
4 

 6  8  3  2  *   

 Chlorite  
(Mg,Fe2+)5Al(AlSi3O10)(OH)

8 
1 

(2
) 
As 

3 
Cu
, 
Zn  

*        *   

 Biotite K(Mg,Fe)3AlSi3O10(OH)2    3  1  3  1      
Carbonate                             
 Ankerite Ca(Fe2+,Mg)(CO3)2 3     1  1  1      

 Calcite CaCO3 4  3  
1
0 

 
1
0 

 1 Pb 3   
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Mineral   General Formula CW MW MSW Fe-SS Me-SS 
B
R 

  

Silicate                             

 Quartz SiO2 
1
5 

 6  
1
4 

 
1
5 

 6  3   

Feldspar Orthoclase K2AlSi3O8 
1
4 

 3  
1
0 

 
1
3 

 5      

 Albite  Na2AlSi3O8 
1
5 

 3  9  8  4      

 Anorthite  CaAl2Si2O8 *     3            
 Microcline K(AlSi3O8) 1                  
 Sanidine K2AlSi3O8 1                  

Olivine Fayalite Fe2SiO4             1 

(4) 
Cu
, 
Ni, 
Cr, 
Pb 

    

 Cerussite  PbCO3             1      

 
Table 2. Continued from the previous page. 

CW MW MSW Fe-SS Me-SS 
B
R 

  

Fe-oxides                             

 Hematite Fe2O3 2 

(1) 
Cu
, 
Zn
, 
Pb 

   5  7  5  3   

 Goethite FeO(OH) * 

(1) 
Cu
, 
Zn
, 
Pb 

   1 Zn  *  3  3   

 Magnetite Fe3O4 2 

(1) 
Cu
, 
Zn
, 
Pb 

      5  2      

 
Magnesioferrit
e  

MgFe3+
2O4             2      

 Wuestite FeO             2      

 
Iron 
Oxyhydroxides 

e.g. Fe2O3*0.5H2O; 
FeO(OH)·nH2O 

* 

(2) 
As 
(1) 
Cu
, 
Zn
, 
Pb 

* 
Cu
, 
As  

* Zn  *         

Me-
oxides* 

                            

Spinel Spinel  MgAl2O4             3 
Cr, 
V, 
Zn  

    

 Jacobsite  
(Mn0.84Fe0.16)(Mn0.16Fe1.34Cr0.5)
O4 

            1 Cr    

 Franklinite ZnFe2O4          1  ? 

(6) 
Zn
, 
Pb 

    

Rutile Rutile TiO2       *  1     3   
 Ilmenite FeTiO3    *  *  *  *      
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 Cassiterite  SnO3    * 
Cu
, V 

      3 

(5) 
Ni,  
Cr, 
Pb
, 
Cu 

    

 Perovskite  CaTiO3                3   

Other Me-
oxides 

Metal(loid) 
oxides 

(Fe,As)Ox, (Cr,Fe)Ox, PbOx    * Cr * 

Cr, 
As
, 
Pb 

          

Paramelaconit
e 

Cu4O3             1 

Cu
, 
Sb
, 
Pb
, 
As 

    

Brucite  Mg(OH)2             1      
 Boehmite AlO(OH)                3   
 Lime CaO          1         

 
Ca- and Al-
Oxide 

nCaO*nAl2O3                3   

 Metal(loi
d) 
droplets 

Metal(loid) 
droplets 

Cu Sn, Pb Cu, Sn, As Fe Ni         * 

Zn
, 
Cu
, 
Pb 

* 
C
u  

* 

(3) 
Cu 
Pb 
Ni 
Zn  

    

Sulfide                             

 Pyrite  FeS2 4 
(2) 
As 

1 As  * 

As
, 
Zn
, 
Pb   

*  1 As     

 Galena PbS       * Pb    * Pb     
 Sphalerite ZnS * Zn * Zn * Zn     1 Zn      

 Chalcopyrite  CuFeS2 * Cu * Cu    1  * 
Cu 
Pb  

    

 Troilite-2H FeS             1      
 Mn sulfide MnS          1         
Sulfate                             
 Gypsum  CaSO4·2H2O 6  *  2  *  *      

 Jarosite KFe3+
3[SO4]2(OH)6 

1
2 

(2) 
As 

* 
As
, 
Cu 

*  1  1      

  Baryte  BaSO4         *   *           
Others                             

 
Plumbogummit
e 

PbAl3(PO4)(PO3OH)(OH)6    * Pb              

 Apatite  CaPO4    *  *  *  *      
 Fluorite CaF2    *     2  1      
 Halite NaCl    2  1  1  1      
 Scorodite FeAsO4·2H2O    2 As               
 Glass     *        2  *   
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Figure 2. SEM images of (a) CW, coal wastes, site Blackhall; (b) MW, mining waste, site Hayle; (c) iron 
smelting slags, Fe-SS, site Millom Pier; (d) municipal solid wastes, MSW, site Withernsea; (e) non-
ferrous smelting slags, Me-SS, site Hayle; (f) bauxite residues, BR, site Burntisland. a) CW were 
dominated by silicates (qtz, K-feld) and secondary minerals such as phyllosilicates (ms/ill, kao, bt, chl) 
and iron sulfates and oxides (FeSO4, FeOx) showing weathering edges. b) MW had high amounts of 
quartz (qtz), calcite (cal), phyllosilicates (bt/ill, ms/ill), and oxides (AlOx and FeOx). Pb, Zn, and As 
occurred in various phases. c) Fe-SS had Fe bearing minerals (FeOx, ank, Fe-silicate) and quartz. d) 
MSW had various silicate (qtz and plag) and PTE-bearing oxides and sulfate (FeOx, tnt, ZnOx, bar); e) 
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Me-SS had silicates (qtz and plg) and PTE-bearing oxides (FeOx and PbOx) cemented together and not 
showing signs of alteration. f) BR was mainly comprised of calcite (cal) and oxide minerals (FeOx, AlOx, 
rt). Key: ak: åkermanite, ank: ankerite, bar: barite, bt: biotite, cal: calcite, chl: chlorite, cst: cassiterite, 
dol: dolomite, Fe-ox: iron oxides and hydroxides, ill: illite, ilm: ilmenite, jrs: jarosite, kao: kaolinite, K-
feld: K-feldspar,  ms: muscovite, ox: oxide, plag: plagioclase, py: pyrite, prp : pyrope, qtz: quartz, rt: 
rutile, zr: zircon.  
 
 
3.2 Geochemistry  

The different waste types had characteristic major elements and PTE compositions (Table S.2). A 
comparative summary of median PTE concentrations from this study and their context within the 
ranges reported in the wider literature is provided in Supplementary Table S.3. CW samples had the 
lowest Ca concentrations and an Al/Fe ratio of around 1 (Table S.2.a). Total S concentrations were 
high, with most sulfur present as sulfide (Figure S.2). CW from Lynemouth had the highest S values 
among CW sites. Carbon was also elevated, with generally organic C exceeding inorganic C. MW 
samples were depleted in Mg, Na, and K compared to the upper crust (Figure S.1). Total sulfur content 
was high, primarily as sulfide (Figure S.2). MSW showed strong site-specific heterogeneity with 
significant variability for Ca, Fe, Mg, and Na (Table S.2.e). Withernsea samples had high Fe, while 
Hessle Tip showed high Ca and Al. MSW had the second-highest total C (up to 26 wt%), mostly in 
organic form. Sulfur concentrations were moderate (Figure S.2).  
 
Fe-SS exhibited high variability in major elements, particularly Ca and Al (Table S.2.c). Two samples 
were similar to CW, with low Ca and high Al. Sulfur concentrations were moderate (Figure S.2). Fe-SS 
had compositions dominated by Fe and values close to or below upper crust concentrations. Total S 
was among the highest, with Capper Pass having extreme S values. Me-SS also had high organic and 
inorganic C. BR was characterised by high Fe, Ca, and Na, and the lowest K and Mg (Table S.2.f). Carbon 
was mostly inorganic and low in concentration (Figure S.2).  
 
Overall, all PTE types and concentrations varied among and occasionally within the waste types (Figure 
3; Table S.2). Arsenic concentrations in all the wastes were enriched compared to upper continental 
crust (Figure S.1). The highest As concentrations and variabilities occurred in the MW (median 1370 
mg kg -1) and Me-SS samples (median 160 mg kg -1). CW, MSW, and Fe-SS samples had similar As 
medians (40 – 50 mg kg -1) and showed less As variability compared to the other waste types.  
 
Cadmium concentration medians were all below 1.5 mg kg-1, with only the MSW samples being 
enriched compared to upper continental crust (Figure S.1). Chromium concentration medians were 
highest for the BR (1070 mg kg-1) and Me-SS samples (220 mg kg-1); the latter also had the largest Cr 
concentration range (36 – 153700 mg kg -1) and highest Cr enrichment relative to upper continental 
crust (Figure S.1). The Cr median concentration for the MSW samples was 1120 mg kg -1 and the CW, 
Fe-SS, and MW samples had the lowest Cr concentrations.  
 
All Cu concentrations of the Me-SS, MW, and MSW samples were enriched compared to those of the 
upper continental crust (Figure S.1). The Me-SS and MW samples had the highest Cu concentrations 
(median 2120 and 20000 mg kg -1, respectively) (Figure 3). The median Cu concentrations of other 
waste type samples were < 100 mg kg -1, although MSW maximum values reached 96700 mg kg -1 for 
Withernsea samples (Figure 3). Median Ni concentrations of the CW, Fe-SS, and MW samples ranged 
between 20 and 40 mg kg -1. By contrast, the median Ni concentration of the Me-SS samples was 70 
mg kg -1; these samples also had a large Ni concentration range (8 – 16870 mg kg -1). The MSW samples 
had the highest median Ni concentrations (100 mg kg -1) followed by the BR samples (74 mg kg -1).  
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Lead median concentrations were highest for Me-SS (4500 mg kg -1) and MSW (320 mg kg -1), followed 
by MW (180 mg kg -1) (Figure 3, Figure S.1). Median Pb concentrations of the CW, Fe-SS and BR samples 
were < 40, 20 and 70 mg kg -1, respectively. The Sb median concentration was high for Me-SS (50 mg 
kg -1) and all the other Sb medians were lower than 10 mg kg -1, although they were enriched compared 
to upper continental crust concentrations (Figure S.1). High concentration variability was notable for 
Me-SS, Fe-SS, and MSW (Figure 3). BR samples had the highest V concentrations (median 540 mg kg -

1) and CW, MSW, and Me-SS had V medians around 120 mg kg -1. Fe-SS and MW V median 
concentrations were the lowest (40 and 60 mg kg-1, respectively). Zinc median concentrations were 
high for Me-SS (590 mg kg -1), MW (910 mg kg -1), and MSW (240 mg kg -1). Other wastes had medians 
lower than 100 mg kg-1 Zn that were similar to the upper crust Zn concentration (Figure 3, Figure S.1). 
 
 

 
Figure 3. Potential toxic element concentrations box plots for each waste type and sites. BR: Bauxite 
residues; CW: colliery waste; Fe-SS: ferrous and steel slags; MW: mining waste; MSW: municipal solid 
wastes; Me-SS: non-ferrous slags. Red lines indicate the predicted effect level (PEL) for adverse 
conditions to the ecosystem; Blue lines, for Sb and V, refer to the threshold for agricultural land 
(CCME). Agric (CCME, 2011).  
 
 
4. Discussion  
 
4.1 Mineralogy and geochemistry of legacy wastes  
 
4.1.1 Colliery waste  
Generally, Colliery waste (CW) samples mostly had consistent bulk chemical compositions across sites 
(Figure S.1) and mineralogy typical of this type of waste (Saxby, 2000) that was dominated by quartz, 
kaolinite, illite, and plagioclase (Table 1). Major elemental concentrations were similar to values 
reported in other studies (Ciesielczuk et al., 2014) with Si, Fe, and Al dominating (Table S.2.a). The 
mineralogy reflected major element concentration variations across the different sites, with samples 
from Haig Colliery enriched in Al, K, and Na, probably due the presence of abundant feldspars. High 
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Fe concentrations were either due to pyrite and pyrite-clay mixed phases (Lynemouth) or Fe-oxide 
and chlorite (Haig Colliery) (Table 2. In the Haig Colliery and Black Hall samples, the presence of mullite, 
magnetite, and high-temperature phase sanidine (Table 2) suggested that the primary minerals had 
been heated.  
 
PTE concentrations can vary due to the differences within the formation environment, and post-
depositional and anthropogenic biogeochemical processes (Saxby, 2000). Arsenic concentrations in 
the CW were above predicted effect levels (PEL) (CCME, 2001) and V concentrations were just below 
the guideline value (agricultural land, Agric) CCME, 2011) (Figure 3). Arsenic concentrations were 
similar to those recorded in UK ferrous mineralisation and coal mining areas (mean 73 mg kg-1) (Ander 
et al., 2013). The sites having the highest As concentrations were Lynemouth and Haig Colliery. At 
Lynemouth, the As-, Cu-, and Zn-bearing minerals were mostly pyrite and secondary sulfates. 
Vanadium may be associated with oxides, or as observed in other studies, to clay minerals and organic 
matter (Dai et al., 2008; Hower et al., 1990). 
 
4.1.2 Mining wastes 
 
Mining waste (MW) samples from Hayle Estuary and Restronguet Creek had no significant differences 
in major element concentrations, with the exception of Mg (p<0.05) (Table S.2.b). Calcium 
concentrations and carbonate minerals were more abundant in the Hayle Estuary samples (Table 1). 
PTE-bearing minerals varied across sites, with the Restronguet Creek samples containing 0.5 vol% As- 
and Cu- bearing scorodite, bukovskyite, and chalcopyrite, and the Hayle Estuary, Pb and Zn-bearing 
Fe- and Al-oxides, and occasionally As-bearing pyrite (Table 2; Figure 2, and Figure 3). Both areas 
showed high PTE concentrations similar to those reported in other UK areas (Hudson-Edwards et al., 
1996) and other MW in Europe (Cidu et al., 2012) (Table S.2.b and Table S.3).  
 
MW exhibited the highest arsenic (As) concentrations among the analysed waste types, with values 
reaching up to 8000 % above the Probable Effect Level (PEL). In comparison, median As concentrations 
in UK topsoils are generally lower (46 mg/kg; Ander et al., 2013). However, studies conducted in 
Cornish estuaries also reported elevated mine waste As concentrations (Jennings et al., 2025; 
Rollinson et al., 2011). Median concentrations of Cu and Pb in MW also exceeded both PEL thresholds 
and typical values for UK urban and mineralised topsoils (Figure 3; Table S.2.b) (Ander et al., 2013). 
Lead was identified in multiple mineral phases, including sulfides (galena), sulfates (anglesite), 
carbonates (cerussite), and phosphates (plumbogummite) (Table 2). 
 
4.1.3 Ferrous Slags  
 
The presence of melilite (gehlenite and åkermanite), pyroxene (hedenbergite), and olivine 
(monticellite) indicated Si and Ca-rich smelting waste (Table 2; Table S.2.c), typical of Fe-SS (Piatek et 
al., 2015; Riley et al., 2024). Carbonate (calcite and ankerite) and sulfates (gypsum and Fe sulfates) 
were likely secondary minerals forming from the weathering of the previous minerals (Table 1, and 2). 
The observed lime may have been the residue of flux materials. Glass material with a Si-Ca-Al-Mn-O 
composition and likely formed due to fast cooling was found in the Workington Windfarm samples. 
The enriched Fe median concentrations (10 wt.%) suggested that Fe was not efficiently processed 
during the smelting process. Indeed, variations among the Fe-SS wastes may be due to their different 
ore mineralogy, methods of extraction, and processing histories (Riley et al., 2020; 2024).  
 
Maryport Coastal and Workington Windfarm samples occasionally presented major elements and 
mineralogical compositions similar to CW, low Ca and C concentrations and low temperature minerals 
(quartz, feldspar, illite, kaolinite, with additional Fe-oxides). This may indicate the disposal of different 
waste in formal slag waste areas. For example, coke (and associated ashes) used in the production of 
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iron and steel (Babich and Dieter, 2013) and wastes from nearby collieries may be co-disposed at some 
of the locations (e.g. Riley et al., 2024).  
 
PTE medians were generally higher than the concentrations reported by Piatak et al. (2015) (Table 
S.2.c) but were in agreement with those described by Riley et al. (2024), who focused on UK Fe-SS 
wastes. The As average (60 mg kg-1) was almost tenfold higher than the literature average (7 mg kg-1; 
Piatak et al., 2015) and higher than PEL values (Figure 3). This is potentially due to Fe-SS - CW co-
disposal and rich As-bearing Fe – S mineral phases. Also, Ni concentrations were occasionally 300 % 
higher than PEL values and held in Ca – O phases.  
 
4.1.4 Non-Ferrous Slags 
 
Three types of Me-SSs were recognised: Cr-enriched slag associated with Sb and V, Zn-enriched slag, 
and Cu enriched slag associated with Ni- and Pb-rich metal droplets and minerals. Me-SS major 
chemistry was in line with findings from Piatak et al. (2015) (Table S.2.d). Generally, Cr and Ni 
concentrations were higher than literature concentrations and the other PTEs were within the 
literature ranges and towards the lower part (Table S.2.d). Only Cd showed generally lower 
concentrations (average 3 mg kg-1) than those (541 mg kg-1) reported by Piatak et al. (2015) for Zn, Pb, 
and Cu slags.  
 
PTE concentrations were generally above the PEL and AGRIC guidelines (CCME, 2001), except for Cd, 
which had a median concentration below the PEL threshold (3.5 mg kg⁻¹) and only a few samples 
exceeding this value (Figure 3). A variety of minerals hosted PTEs (Table 2). In line with previous studies 
(e.g., Piatek et al., 2015 and references therein), spinels with the general formula AB₂O₄ were found 
to incorporate Zn, Mn, and Mg as divalent A-site ions and Al, Fe, or Cr as trivalent B-site ions—
examples include magnesioferrite, jacobsite, Mg-aluminate, and Cr-spinel (Table 2). 
 
In samples from Capper Pass Ni was associated with Sn and Cu in potential alloy phases and fayalite-
like structures (O–Mg–Si–Fe–Ni), often co-occurring with Cr and Cu. Similar mineral assemblages, 
including Cr-rich spinel and olivine, have been documented in historical Cu slags from Kazakhstan 
(Artemyev and Ankushev, 2019). Cassiterite (SnO₂) and Cu–Sn–O phases were identified as Sb hosts. 
Copper was present as metallic droplets—often with Pb, Sn, and Ni—as well as in Cu sulfides (e.g., 
covellite, chalcocite, chalcopyrite) and oxides such as paramelaconite (Cu₄O₃). 
 
4.1.5 Municipal Solid Wastes  
 
MSW mineral associations were similar to those reported for bottom ashes, and were dominated by 
quartz, calcite, feldspars, sulfates, chloride, and iron hydroxide (Mantovani et al., 2023) (Table 1). 
However, bottom ashes also contained amorphous material, micro-structure inclusions, and high-
temperature minerals such as pyroxene and gehlenite-åkermanite (Alam et al., 2019; Mantovani et 
al., 2023). In this study, the dominant minerals (23 vol% of total) were Fe-oxides (often mixed with Al, 
Mn, and carbonate) (Table 1 and 2), either formed during the ageing oxidative phases (Kjelden et al., 
2002) or uncontrolled burning events typical of legacy MSW.  
 
Major and PTE concentration medians from different MSW material and impacted sediments were in 
accordance with literature data (Table S.2.e) (Brand et al., 2018; Abramo et al., 2018). Significant 
variability among sites may be due to the origin and age of waste discarded into the landfill (Williams 
et al., 2006). As an example, Hessle Tip was mostly formed by construction waste and had a high calcite 
and Ca concentrations.  
 
PTE concentrations varied up to two orders of magnitude among sites (Figure 3), in accordance with 
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results reported by Brand et al. (2018), and were mostly contained in Fe-oxides (Table 2). Generally, 
As, Cr, Ni, and Pb concentrations were higher than PEL values. Nickel and Cr-bearing minerals were 
not found, potentially indicating low Ni and Cr absorption onto Fe hydro-oxides and clay minerals 
(Fendorf, 1995). Arsenic, herein associated with pyrite and metal (including Fe) oxides (Table 2), may 
originate from different sources, such as the co-disposal of coal wastes, glass, pigments, textiles, 
paper, and wood preservatives (Watanabe et al., 1999; Hu et al., 2015).  
 
MSW had high Pb concentrations hosted in various minerals, sulfate (barite, Pb-sulfate), titanite, and 
oxide minerals (Table 2). Barite and Pb potentially originated from incinerated paint (Bayuseno and 
Schmahl, 2010). The Pb concentrations were in line with those of UK topsoil in urban areas (320 mg 
kg-1; Ander et al., 2013) and below high range concentrations observed at Thames Estuary landfill sites 
(Hadleigh Marsh landfill, 3620-4830 mg kg-1; Brand and Spencer, 2019). At Withernsea Pb sources such 
as textiles and paper were difficult to recognise since most of the material went through combustion. 
Other potential Pb sources were obsolete and weathered electronic material, as observed at Seven 
Brethren Bank.  
 
Concentrations of PTEs such as Cu, Zn, Cd, Sb, and V were generally below the PEL and AGRIC guideline 
values, except in samples from the Withernsea site. Copper was commonly found as metal alloys or 
within Cu–Fe–O and Cu–Fe–S phases, likely representing Cu-bearing iron oxides and sulfides (Table 2). 
In historical MSW landfills, elevated Cu concentrations have been identified in the sediment matrix as 
well as in textile and paper wastes (Brand et al., 2019). Aged incinerated MSW residues also contained 
Ni and Cu associated with Fe oxides and carbonates (Alam et al., 2019). Similarly, Cu-sulfide minerals 
and Cu-bearing Fe oxides have been reported in bottom ashes from modern incineration plants in 
Germany and the Netherlands (Bayuseno and Schmahl, 2010; Alam et al., 2019). 
 
At Withernsea, Zn-bearing phases included silicates and iron oxides (Table 2; Figure 2). Zn 
concentrations observed here were comparable to those in German incinerated MSW, where 
approximately 20% of the total Zn was acid-extractable, likely due to the dissolution of carbonates 
and oxides (Abramov et al., 2018). While no Zn-carbonate minerals were directly identified in this 
study, carbonate phases were ubiquitous across sites, and low-level Zn sorption (below analytical 
detection limits) may have occurred.  
 
Information on Sb and V geochemistry in MSW remained limited. William et al. (2018) reported Sb 
concentrations lower than those observed in this study (Table S.2.e). Antimony could enter the MSW 
via oxides used in flame retardants, lead-acid batteries, textiles, and plastics (Chandler et al., 1993). 
Vanadium, detected at relatively low levels, was likely of lithogenic origin, with background 
concentrations ranging from 22 to 118 mg kg⁻¹, similar to those reported by O’Shea et al. (2018). 
 
 
 
4.1.6 Bauxite Residues  
 
BR mineralogy and major element concentrations (Table 1 and Table S.2.f) were consistent with those 
of BR studied in other areas (Samal et al., 2013; Naidu et al., 2014; Reddy et al., 2020). Arsenic, Cr, and 
V concentrations were 5 to 6 times higher than PEL values (Figure 3), although no PTE bearing minerals 
were observed during the mineralogical analysis. This aligns with findings from the Ajka alumina plant 
in western Hungary, where no As-bearing minerals were detected in the BR despite a mean As 
concentration of 200 mg kg⁻¹. In that case, As was primarily present in a mobile form (arsenate), with 
its mobility influenced by pH and redox conditions (Lockwood et al., 2014). The elevated V BR 
concentrations were in agreement with the BR literature, where V recovery has been extensively 
studied (Mukherjee et al., 1990; Ochsenkuhn-Petropulu et al., 1996). 
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4.2 PTE in legacy wastes and potential ecosystem exposure 
 
Coastal erosion and seawater inundation can increase PTE concentrations in the pore water and water 
column in seawaters or transitional water (Du Laing et al., 2009). Legacy wastes, as identified here and 
in Riley et al. (2024), are only partially protected by coastal defences and often exhibit signs of erosion 
and contaminant transfer. Following seawater inundation, wastes are subject to variations in pH, Eh, 
and salinity. Prolonged seawater inundation may promote reducing conditions, generating instability 
of PTE absorbed onto organic matter, Fe and Mn oxides and sulfate (Lyden et al., 2022). Furthermore, 
low Fe concentrated seawaters can trigger Fe-bearing mineral dissolution in freshwater sediment and 
waste (Mosley et al., 2020; Leyden et al., 2022). Mineralogical information is critical to help predict 
potential PTE release mechanisms in coastal areas where dissolution and PTE release are driven by 
reaction kinetics and microorganism presence. The mineralogical and PTE information obtained in this 
study for legacy wastes along the UK coast is used in this section to summarise the potential hazards 
and contaminant release mechanisms in different waste types (Figure 4). 
Coastal and transitional waters undergo complex chemical transformations due to the dynamic 
interaction of fresh and saline water in both surface and subsurface environments. Climate change 
will exacerbate coastal flooding in the UK by increasing sea level by as much as 80 cm by 2100, 
depending on projection scenarios (UKPC09, 2009), and by causing increases and decreases in winter 
and summer river flows, respectively. 
 

 
Figure 4. Summary of potential hazards posed by colliery, mining, ferrous and non-ferrous slag and 
bauxite waste types. The boxes highlighted in black and grey show the median PTE above the 
environmental threshold, which may pose adverse effects to the ecosystem and the PTE-bearing 
minerals. The bottom minerals are the most likely to release metals under seawater inundation 
conditions. On the left, the major reactions occurring under seawater inundations are reported.  
 
4.2.1 Coal Wastes  
 
In CW, PTEs were associated with primary minerals such as sulfides and secondary minerals (Fe-oxides, 
sulfate, clay and mica) (Table 2, Figure 4). The presence of gypsum and jarosite (Table 2) indicated 
weathering of sulfides and mineral precipitation from Ca2+- and SO4

2--enriched percolating waters 
(Ciesielczuk et al., 2014). Sulfide weathering generated a drop in pH, as observed in leaching studies 
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(Gandy et al., 2025), enhancing PTE-bearing Fe-sulfates precipitation. PTE had less mobility and stayed 
stable until the occurrence of geochemical variations (pH, Eh, or salinity) (Leyden et al., 2022).  
 
Leaching experiments on CW legacy wastes under deionised- and seawaters have demonstrated PTE 
release variability among and within waste sites, with potential As release up to around 10% of total 
As (Gandy et al., 2025). In weathering oxidising conditions, mobility of As could be linked to the 
dissolution of sulfides (such as pyrite and arsenopyrite) (Nordstrom, 2002) or by high surface area 
minerals, such as clay and mica (Gandy et al., 2025). Under reducing conditions typical of prolonged 
seawater flooding, other PTEs, namely Zn and Cu, could be released by Fe and Mn oxides (including 
hydroxides and oxyhydroxides) (Gandy et al., 2025) and poorly crystalline sulfate, such as jarosite 
(Lyden et al., 2022). In addition, the organic matter, highest in the CW compared to the other wastes 
(Table S.2.a) and with a potential affinity with PTE (Tuo et al., 2024), could be the first to be reduced 
and release PTE. Finally, under seawater inundation, Cl-complexes and cation exchange between the 
seawater cations and the PTE-bearing minerals could enhance PTE mobility (Figure 4) (Du Lang et al., 
2009). 
 
In coastal environments, where either reducing or oxidising conditions can occur depending on 
seasonality, extreme events, and coastal physical erosion, CW, comprising around 40 vol% of PTE-
bearing minerals (Table 1, Figure 4), may show high reactivity and release PTE into the ecosystem. 
Therefore, CW could pose a hazard to the environment, especially with respect to As concentrations 
(Figure 2), and occasionally other PTE, if not correctly characterised and managed.  
 
4.2.2 Mining Wastes 
 
PTE-bearing minerals in MW had similarities with those held in CW (sulfides, sulfates, Fe-oxides, and 
clay) plus some other trace minerals, such as carbonates (cerussite), and phosphate (plumbogummite) 
(Table 2, Figure 3). MW were rich in PTE, with six elements out of the nine investigated, above 
environmental threshold limits (Figure 3 and 4). The mineralogy suggested PTE mobility mechanisms 
(Lynch et al., 2014), with Pb, Cu, and Zn being initially released by sulfide minerals and then taken up 
by carbonate and phosphate phases, Fe-oxide minerals, and clays (Table 2).  
 
Legacy MW in coastal areas had around 45 vol% of potentially reactive minerals (Table 1, Figure 4) 
that can easily further release PTE into the ecosystem due to redox, pH, streamflow variations, and 
storm events. MW impacts on estuaries were flagged under the 1992 Oslo Paris Convention (Mayes 
et al., 2013), which linked Zn, Cu, Pb, and Cd concentrations in estuarine areas to fluxes from mining-
impacted river catchments. Most legacy MW is transported and deposited in catchment and the 
estuarine areas (Onnis et al., 2023a; Macklin et al., 2023). The huge volumes of legacy MW that reside 
within riverine and estuarine systems can be mobilised physically or release PTE in colloidal and 
dissolved form (Hudson-Edwards et al., 2011; Onnis et al., 2023b; Jennings et al., 2025).  
 
4.2.3 Municipal Solid Wastes 
 
MSW contained an average of 10 vol% PTE-bearing Fe oxides (Table 1) that can release PTE under 
acidic or reducing conditions during flooding or sediment transportation. Lead, Zn, Cr, and As were 
associated with Fe oxide or Pb oxide phases (Table 2). At WS, Pb oxides potentially originated from 
the disposal of waste, such as paint, or formed during waste combustion when the initial mineralogy 
and metal mobility was altered (Yao et al., 2009). Organic matter concentrations, which may reach 20 
wt. % as organic carbon as at Withernsea (Figure S.2), can enhance Pb-oxide weathering (Angel et al., 
2016). Similar to CW, other PTE sources could be sulfides (such as galena, sphalerite, and pyrite) that 
under oxidative conditions could release Fe, Zn, Pb, and As (Table 2) (Lynch et al., 2014). However, the 
MSW sulfide content was <1 vol. % (Table 1) suggesting that this is not an important process in the 
studied sites.  
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PTE leachability studies have indicated potential dispersion mechanisms, although these are limited 
by scant associated mineralogical investigations. Lead was highlighted as a highly mobility PTE at 
Hadleigh Marsh legacy MSW especially under freshwater conditions (Brand et al., 2018). Other PTEs, 
such as Zn and Cd were found to be more mobile in seawater (Flyhammer et al., 1998; Brand et al., 
2018). Leaching of incinerated MSW showed that the majority of Ni was not mobile (Abramov et al., 
2018) and in legacy MSW, Ni leaching was limited to <1%, with slightly higher values in the case of 
seawater leaching (Brand et al., 2020). Potential release and dispersion of Cu has been suggested to 
occur through physical erosion (Brand et al., 2019) and fresh- or seawater leaching (Brand and 
Spencer, 2020). PTEs could also be found as insoluble precipitates or strongly absorbed species, 
limiting their release to particle dispersion under erosive events (Burke et al., 2025). Overall, the MSW 
mineralogy and literature studies on PTE leaching experiments indicated potential PTE release under 
freshwater and seawater conditions, potentially posing a risk to the environment. 
 
4.2.4 Ferrous and metal slag wastes  
 
Fe-SS had low PTE concentrations except for As occasionally showing concentrations higher than PEL 
values (Figure 3). Elevated As concentrations may be due to the disposal of CW within Fe-SS deposits, 
as highlighted by the mineralogical and chemical results (Figure 3, Table 2). Previous studies involving 
similar locations to those investigated (Table S.1) showed low amounts of PTE leaching under fresh- 
and seawater conditions, with Cr and V mostly in their less mobile species, V3+ and Cr3+, and associated 
with low solubility minerals such as spinels (Riley et al., 2024).  
 
Me-SS showed higher mean PTE mean concentrations than those of PEL (up to 800 %) associated with 
olivine, sorosilicates, sulfides, spinels, and other oxides (Table 2, Figure 4). Olivine, sorosilicates, and 
spinels, bearing Cr, Cu, Ni, Pb, and V have been known in the literature for their low solubility 
potentially limiting PTE mobility under various environmental conditions (Lumpkin, 2001). In the Cr-
jacobsite spinel, Cr was likely held in the less mobile species, Cr(III), although oxidation to Cr(VI) could 
occur in the presence of Mn oxides (Fandeur et al., 2009; Botsou et al., 2022) observed in association 
with Cr-bearing mineral (Table 2). Me-SS also had metal phases such as Pb metal droplet smelting 
residues with limited metal mobility. 
 
In Me-SS, PTE release into the water and sediment may occur due to sulfide weathering under 
oxidising conditions, but there was little evidence of this (Figure 4; Table 1 and 2). However, caution 
should be taken when managing Me-SS waste, due to their high concentrations of PTE that could be 
released under direct receptor contact, such as soil, sediment-dwelling organisms, and accelerated 
bio-weathering processes (Chen et al., 2021).  
 
4.2.5 Bauxite Residues  
 
Bauxite residues can pose an environmental risk due to PTE concentrations higher than PEL values, 
such as As (around 100 mg kg-1), Ni (70 mg kg-1), Cr and V (around 1000 mg kg-1) (Figure 4 and Table 
S.2.f). The mobility of PTE from BR has been shown to be pH dependent and controlled by sorption to 
mineral surfaces (Burke et al., 2012). Under circumneutral pH, As mobility is dominated by adsorption 
processes, whereas V and especially Cr mobility increases in their oxyanion form at high pH (Gomes 
et al., 2016; Burke et al 2012). Circumneutral to alkaline conditions would occur during seawater 
inundation or Ca- and Na-rich aluminate and hydroxides weathering (Table 2) (Burke et al., 2012; 
Gomes et al., 2016). Furthermore, seawater cations could compete with As sorption and enhance its 
mobility into the water column (Manning and Goldberg, 1996).  
 
5. Conclusions and recommendations for management and future research  
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Elevated concentrations of PTEs were present in representative UK coastal legacy wastes that have 
the potential for geochemical release mechanisms into the coastal environment. The findings indicate 
that, except for the ferrous slags, all the investigated waste types pose a potential risk for PTE 
contamination, reinforcing the need for stringent monitoring and management strategies. Colliery 
wastes, mining, and municipal solid wastes have the highest potential for PTE mobility given the 
ubiquity of secondary minerals forming at the expense of primary unstable PTE-bearing minerals. 
Metal smelting slags had the highest PTE concentrations, although these were present in silicates, 
metals (droplets), and oxides such as spinel and rutile groups that have low solubilities under 
environmental conditions. Legacy waste mineralogy provides crucial information for predicting PET 
dispersion under prolonged flooding and coastal erosion, or during remediation efforts. This 
underscores the need to thoroughly characterise the mineralogy of legacy wastes, especially 
considering that some materials may originate from different sources, such as co-disposed wastes.  
  
PTEs concentrations reported in this research highlight the variability among and within legacy wastes 
and demonstrate that reliance solely on elemental bulk analysis may not fully capture the complexities 
of elemental dispersion. Leaching experiments are fundamental for determining potential release 
processes in legacy wastes and further efforts in this direction are encouraged. The findings here 
contribute valuable insights into the management of PTE-bearing minerals in both freshwater and 
seawater environments.  
 
Our study focussed on characterisation of inorganic contaminants only and did not evaluate 
leachability under seawater inundation. Although our sampling covered multiple waste types and 
locations throughout the UK, the conclusions are inherently grounded in this national setting and may 
not fully reflect differing geological, hydrological or management conditions elsewhere. However, the 
comprehensive mineralogical and geochemical dataset in this study could be integrated into national 
prioritisation schemes to monitor and reduce contamination risks. As highlighted by previous studies 
(Brand et al., 2020; Gandy et al., 2025), understanding waste heterogeneity is critical when planning 
monitoring programs and careful sampling strategies to avoid destabilisation and erosion (Brand et 
al., 2018). Therefore, this robust dataset can facilitate cost-effective interventions by providing 
comparative data for different waste types. By integrating mineralogical and geochemical data with 
information on waste location and volume, regulators can enhance their environmental management 
strategies.  
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Highlights:  

• Coastal legacy wastes exhibit unique PTE profiles and mineral associations. 

• Mineralogy reveals key controls on PTE stability in coastal waste deposits. 

• Coastal erosion and geochemical shifts may trigger PTE release from minerals.  

• Coal and mining wastes pose the greatest PTE release risk along the coastline. 
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